Contaminants can be transported rapidly and over relatively long distances by atmospheric dust and aerosol relative to other media such as water, soil and biota; yet few studies have explicitly evaluated the environmental implications of this pathway, making it a fundamental but understudied transport mechanism. Although there are numerous natural and anthropogenic activities that can increase dust and aerosol emissions and contaminant levels in the environment, mining operations are notable with respect to the quantity of particulates generated, the global extent of area impacted, and the toxicity of contaminants associated with the emissions. Here we review (i) the environmental fate and transport of metals and metalloids in dust and aerosol from mining operations, (ii) current methodologies used to assess contaminant concentrations and particulate emissions, and (iii) the potential health and environmental risks associated with airborne contaminants from mining operations. The review evaluates future research priorities based on the available literature and suggest that there is a particular need to measure and understand the generation, fate and transport of airborne particulates from mining operations, specifically the finer particle fraction. More generally, our findings suggest that mining operations play an important but underappreciated role in the generation of contaminated atmospheric dust and aerosol and the transport of metal and metalloid contaminants, and highlight the need for further research in this area. The role of mining activities in the fate and transport of environmental contaminants may become increasingly important in the coming decades, as climate change and land use are projected to intensify, both of which can substantially increase the potential for dust emissions and transport.
Introduction
Contaminants that are persistent in the environment pose a potential risk to human health worldwide. Although natural processes can produce a number of environmental contaminants, significant amounts of contaminants are generated by anthropogenic activities such as agricultural practices, industrial manufacturing, and mining operations (Barrie et al., 1992; Lacerda, 1997; Kolpin et al., 1998; Ritter et al., 2002; Driscoll et al., 2003; Volkamer et al., 2006) . Major transport pathways for contaminants in the environment are: air, water, soils, and biota. Transport of contaminants by air may occur by direct transfer of volatilized species or by particles. Atmospheric suspended particles (usually in the particle size range < 60 μm), including aerosol and dust (collectively referred here as atmospheric particulates), can play an important role in the transport of environmental contaminants, particularly those that have low volatility and low aqueous solubility and remain attached to soil particles. Transport by atmospheric particulates is an important pathway by which contaminants can be redistributed in the environment either from point sources, such as mine smelters, or by distributed sources, such as large industrial centers or urban environments. This transport mechanism will likely become more important with increased land-use activity and projected climate change (Pelletier, 2006) . For example, dust storm frequency and intensity have increased in recent decades throughout many parts of the world such as Africa, Australia, and China, largely due to increased human activities and climate (Middleton et al., 1986; Tegen and Fung, 1995) . Large dust events, such as the one shown in Figure 1 , have the potential to transport large amounts of contaminants rapidly over long distances and large aerial extent relative to other transport pathways (water, soil and biota) and thus represent a unique risk to human health and the environment (Griffin et al., 2001; Park et al., 2004; Pope and Dockery, 2006) .
Contaminant transport by atmospheric particulates is of global concern because air masses containing large amounts of dust and aerosol frequently cross continental and international boundaries and often have adverse environmental consequences in downwind depositional areas (Barrie et al., 1992; Perry et al., 1999; Chu et al., 2003; Park et al., 2004; Gallon et al., 2011; Figure 2) . Relative to the other major transport pathways (water, soil and biota), this mechanism has greatest potential to transport nonvolatile contaminants at regional and global scales because air masses generally are not confined to an appreciable extent by topographic boundaries or other barriers that might impede transport, as is the case with water, soil, and biota (Kolpin et al., 1998; Kersting et al., 1999; McGechan and Lewis, 2002; Mulligan and Yong, 2004; Braune et al., 2005) . Additionally, atmospheric particulates have the greatest potential to transport contaminants rapidly (hours to days) through the environment since air masses move at much greater velocity than surface water, groundwater, and most biological vectors. Atmospheric dust and aerosol can also play an important role in the transport of contaminants over longer time periods (years to decades) and at smaller spatial scales (meters to kilometers). All of the major environmental transport pathways (i.e., water, air, soil and biota) can be important to consider when assessing the potential for contaminant transport over longer time periods (i.e., years to decades) and at local scales (i.e., meters). For example, although most transport processes in soil are inherently slow and limited in spatial extent (Weber et al., 1991; Sheppard, 2005) , over sufficient time large amounts of contaminants can be transported though the soil, resulting in elevated risks to human health and the local environment. Contaminant transport by biological vectors (biota) is generally less confined by topographic barriers than transport processes in soil and thus has a greater potential to redistribute contaminants at spatial scales that extend beyond the local environment (Arthur and Markham, 1982; Hope, 1993; Braune et al., 2005) . Water and fluvial sediment are also major transport pathways for the mobilization and redistribution of contaminants in the environment (Weber et al., 1991; Kolpin et al., 1998; McGechan and Lewis, 2002) . Contaminant transport by water and sediments in terrestrial systems is typically confined in spatial extent by watershed boundaries, and most contaminants and associated risks are generally concentrated in riparian areas, aquatic systems, and shallow groundwater (e.g., Kolpin et al., 1998) .
When considering all of the major transport pathways in the context of their potential risk to human health and the environment, contaminant transport by air and atmospheric particulates is perhaps most notable due to the potential speed, distance, and aerial extent in which contaminants can be transported in the environment. Despite the potential importance of this mechanism, most studies that assess issues related to contaminant transport in the environment focus almost entirely on transport in soil and water (Figure 2 ). For example, in the case of contaminant transport from mining operations, there are nearly 10,000 peerreviewed studies that explicitly focus on environmental problems associated with contaminant transport in water; about half as many studies that focus on contaminant transport in soil; and only a few hundred studies that focus on contaminant transport by atmospheric particulates. More specifically, very few studies explicitly focus on the transport of metals and metalloids in dust and aerosol from mining operations, despite the potential environmental and health risks associated with this specific transport pathway and these particular contaminants Taylor et al., 2010; Csavina et al., 2011) . Data on contaminant concentrations in bulk atmospheric particulates are regularly gathered by government agencies and industrial operators in various countries at sites with suspected pollution sources. In addition, occupational samplers are used to assess worker exposure to contaminants of concern. These data are sometimes made publicly available and are used to establish possible environmental risks by comparing them with emissions and environmental standards.
The potential speed and distance through which contaminants are transported by biota are typically much less than those associated with transport by other pathways, making contaminant transport by biota more of a localized environmental problem (Arthur and Markham, 1982; Hope, 1993) . Contaminant transport in soil and water is also usually more of a localized environmental problem compared to contaminant transport by air, which is more of a worldwide phenomenon that has important global implications. For example, it has been estimated that approximately 60 % of all atmospheric arsenic (As) initially originates as a point source contaminant from mining operations and then is subsequently transported and dispersed globally by atmospheric particulates (Chilvers and Peterson, 1987) . This mechanism is an underappreciated and potentially understudied problem, especially with respect to other transport pathways (mainly water in the case of As). Nevertheless, atmospheric transport of metal and metalloid contaminants has important health and environmental implications from local to global scales and, therefore, should be further studied.
Atmospheric dust can be generated by natural processes associated with wind erosion, such as abrasion and deflation, as well as by anthropogenic activities and disturbances (e.g., Ravi et al., 2011) . Most natural and anthropogenic sources of atmospheric dust are found in arid and semiarid regions, which account for approximately 40 % of the global land area and are inhabited by one-third of the world's population (UNSO, 1997). These environments are particularly susceptible to wind erosion and dust emissions because vegetation cover is typically sparse, surface moisture content is generally low, and soil particle cohesion is often inherently weak due to their moisture and low organic matter content (Pye, 1987; Sivakumar, 2007) . Natural sources of atmospheric mineral dust are typically associated with low levels of chemical contaminants (e.g., Reheis et al., 2009 ) and include dune fields and playas, desertified lands, deserts and shrublands, rangelands and grasslands, as well as forests (Tegen and Fung, 1995; Goudie and Middleton, 2006; Breshears et al., 2009 ).
Anthropogenic sources of atmospheric mineral dust and aerosol are typically associated with higher levels of chemical contaminants (e.g., Vega et al., 2001 ) and include croplands and agricultural systems, feedlots and pastures, dirt roads, construction activities, landfills, mining operations, and mine tailings (Chow et al., 1992; Chow et al., 1994; Nordstrom and Hotta, 2004; Triantafyllou et al., 2006; Csavina et al., 2011 ).
When considering the major sources of atmospheric particulates in arid and semiarid environments, forests and grasslands typically have the lowest potential emissions followed by shrublands and deserts (Breshears et al., 2009; Okin et al., 2009; Figure 3) . Because most natural sources of atmospheric particulates typically all have low concentrations of associated contaminants (Zobeck and Fryrear, 1986; van Pelt and Zobeck, 2007; Reheis et al., 2009) , they typically pose a low potential risk to human health and the environment. However, disturbances that reduce or remove vegetation cover, such as fire and prolonged drought, can result in an increased potential for particulate emissions and contaminant transport (Whicker et al., 2006; Breshears et al., 2012; Ravi et al., 2011) . When considering anthropogenic sources of mineral atmospheric particulates, mining operations potentially pose the greatest risk to human health and the environment because these sources are globally extensive, generate large quantities of particulates nearly continuously, and have high potential for toxic contaminants associated with the emissions (Thornton, 1996; Porcella et al., 1997; Lacerda, 1997; Chakradhar, 2004; Neuman et al., 2009; Brotons et al., 2010; Csavina et al., 2011) . Agricultural practices are also globally extensive and can generate large quantities of particulates, but, unlike mining operations, agricultural dust is typically generated only in response to strong wind events and only when fields are bare or fallow (Fryrear, 1986; Stout and Zobeck, 1996) . Properly managed croplands and agricultural systems are therefore not likely to generate significant quantities of atmospheric particulates throughout most the year when fields are covered by crops. In addition, croplands and agricultural systems likely have lower concentrations of toxic chemicals associated with particulate emissions than most types of mining operations and therefore may pose less potential risk to human health and the environment.
Although there are numerous natural and anthropogenic sources of atmospheric particulates, mining operations pose the greatest potential risk to human health and the environment (Figure 3) . In a recent comprehensive assessment of the worst environmental pollution problems, activities associated with mining operations, including artisanal gold mining; metal smelting and processing; industrial mining; and uranium mining, were identified as four of the world's top ten pollution problems (Ericson et al., 2008) . In addition, a recent assessment on the global health impacts of contaminants in the environment identified Hg, Pb, As, Cr, pesticides, and radionuclides as the six most toxic pollutants threatening human health (McCartor and Becker, 2010) . Dust and aerosol emissions associated with mining operations are commonly associated with significantly elevated levels of one or more of these contaminants, including Hg, Pb, As, and Cr (Meza-Figueroa et al., 2009; Csavina et al., 2011 , Corriveau et al., 2011 . Furthermore, contaminants commonly associated with particulates from mining operations are usually most concentrated in the finer particle size fraction (< 2 μm), which travels greater distance in the environment and poses a greater potential risks to human health than coarser particles (e.g., Ravi et al., 2011) . As climate is projected to become hotter and drier and population and land-use intensity are projected to increase for many arid and semiarid regions worldwide (CCSP, 2008; IPCC, 2007; Seager et al., 2007; UNSO, 1997) , the potential for atmospheric particulate emissions and associated contaminant transport from both natural and anthropogenic sources will likely increase in many parts of the world.
To address some of key emerging environmental issues related to contaminant transport by atmospheric particulates, this work provides a critical review of the literature on (i) the fate and transport of contaminants in dust and aerosols from mining operations, (ii) the current methodologies for evaluating atmospheric particulate emissions and associated contaminant concentrations, and (iii) the potential health and environmental risks associated with airborne contaminants from mining operations. More generally, this review provides an overview on the mechanisms and environmental implications of dust and aerosol generation and evaluate the potential importance of contaminant transport relative to other transport pathways (soil, water, and biota.)
Mechanisms and Implications of Atmospheric Particle Emissions
Wind erosion is the largest source of tropospheric aerosols (e.g., Tegen et al., 1996) and affects all major components of the biosphere (Ravi et al., 2011) . Windblown dust and aerosol can be transported in the environment by three distinct mechanisms that are roughly differentiated based on the particle size: surface creep, saltation, and suspension (Bagnold, 1941) . All three processes redistribute soil, nutrients, and contaminants in the environment at different spatial scales ranging from local to global (Goudie and Middleton, 2006; Li et al., 2007; Field et al., 2010) . Large particles are transported by surface creep (> 2,000 μm) and saltation (60-2,000 μm) and account for the majority of mass movement at the local scale (Stout and Zobeck, 1996; Ravi et al., 2011) . Smaller silt-and clay-sized particles from the soil (< 60 μm) are transported by suspension and are available for long-range transport at regional, continental, and global scales (Chadwick et al., 1999; Prospero et al., 2002) . Additionally, aerosol produced by condensation of hot vapors (such as those emitted by smelters) have particle sizes that are typically < 60 μm and also are, therefore, susceptible to long-range transport. Most wind-driven particle transport from soils occurs close to the soil surface and decreases sharply with height, with surface creep and saltation accounting for the majority of total transport (Shao et al., 1993) . Surface creep is characterized by particles that are too large to be lifted from the ground by aerodynamic forces and thus roll or 'creep' across the soil surface. Saltation is characterized by particles that are lifted from the ground but are too large to be dispersed into the atmosphere and therefore bounce along the soil surface.
Creep and saltation processes play an important role in wind erosion and the generation of dust emissions. The kinetic energy associated with the bombardment of large particles (> 60 μm) impacting the soil surface through creep and saltation may be sufficient to overcome the cohesive forces that bind fine particles together, which typically renders them unavailable for wind-driven transport (Shao et al., 1993) . Creep and saltation processes can also increase dust emissions by the production and subsequent suspension of dust-sized particles through abrasion of saltating particles (Smith et al., 1991; Wright, 2001; Hagen, 2001; Mackie et al., 2006; Bullard et al., 2007) . Because soil organic matter and nutrients (e.g., nitrogen, phosphorus), as well as many environmental contaminants (e.g., As, Pb), are often associated with small particles (Li et al., 2007; Csavina et al., 2011 , Corriveau et al., 2011 , the production and subsequent entrainment of dust-size particles in the atmosphere is an important mechanism of environmental transport that has global implications (Goudie and Middleton, 2006; Ravi et al., 2011) .
Wind erosion and atmospheric particulate emissions are influenced by a variety of factors including climatic conditions, land-use, vegetation cover, and soil characteristics (Shao and Lu, 2000; Toy et al., 2002; Zobeck et al., 2003; Breshears et al., 2009; Okin et al., 2006; Ravi et al., 2011; Figure 4) . Particle entrainment occurs when the wind shear velocity at the soil surface exceeds the shear strength of the soil aggregates by a certain minimum value, referred to as the threshold friction velocity or threshold shear velocity (Gillette et al., 1980; Shao, 2008) . Many environmental factors, such as atmospheric humidity and surface soil moisture, can affect the minimum threshold friction velocity at which particles begin to detach from the soil surface and become available for transport by wind. Because the soil moisture in many arid and semiarid regions is typically in equilibrium with atmospheric moisture, relative humidity has a large influence on soil interparticle forces, which in turn influence the threshold friction velocity, resulting in a complex relation between relative humidity, particle size and soil erodibility (Ravi et al., 2004) . Other environmental factors, such as land-use and vegetation cover, can also have a large effect on the threshold friction velocity and the potential for atmospheric particulate emissions. Vegetation cover and other non-erodible surface elements protect the soil surface by absorbing a fraction of the wind momentum flux thereby reducing the shear stress on soil particles (Stockton and Gillette, 1990) . The effectiveness of vegetation in protecting the soil surface from erosion depends upon the type, cover, and arrangement of vegetation (Ravi et al., 2011) . For example, in relatively undisturbed systems where land use is low, wind erosion and dust emissions are likely to be relatively low when vegetation cover is dense (> 40 %) but can increase rapidly as vegetation cover approaches intermediate levels of density (16-40 %), which results in turbulence (i.e., wake interference flow) near the soil surface, greatly increasing the potential for dust emissions (Breshears et al., 2009; Wolfe and Nickling, 1993) . Soil properties, including surface roughness, clay content, particle size distribution, organic matter, and physical and biological soil crusts, also play a key role in determining the potential for wind erosion and atmospheric particle emissions under a given set of climatic conditions and vegetation cover (Gillette, 1979; Belnap and Lange, 2003; Okin et al., 2006) .
Atmospheric particle emissions affect all major components of the biosphere and provide important biogeochemical linkages between the atmosphere, hydrosphere, and pedosphere (Schlesinger et al., 1990; Syvitski, 2003; Munson et al., 2011) . Understanding the role of aeolian processes in the biosphere is critical for managing the world's arid and semiarid regions and for addressing emerging challenges associated with environmental transport, land-use intensification, and climate change (Field et al., 2010; Ravi et al., 2011) . Land degradation and desertification by accelerated wind erosion is a major environmental problem worldwide (Schlesinger et al., 1990; Bridges and Oldeman, 1999) and will likely remain so throughout the 21 st century (Lal, 2001; Valentin et al., 2005) . Globally, there are approximately 430 million ha of land surface susceptible to wind erosion (Middleton and Thomas, 1997) . Global estimates of soil erosion are 20-100 greater than average rates of soil renewal (Cuff and Goudie, 2009) , which is particularly true in arid environments, as it takes hundreds to thousands of years to form only a few centimeters of soil (Pillans, 1997) . Increased human activity is largely responsible for observed increases in wind erosion and global dust emissions that have been documented in the past (Middleton et al., 1986) . Anthropogenic activities such as cultivation, livestock grazing, deforestation and vegetation shifts are estimated to account for more than half of the global atmospheric particle load and are responsible for increased inputs of aeolian sediment to mountains and marine systems worldwide (Tegen and Fung, 1995; Neff et al., 2008; Painter et al., 2010) . Wind erosion and associated particle emissions have important environmental and ecological consequences, including the loss and redistribution of soil nutrients (e.g., Zobeck and Fryrear, 1986) , pollution of air masses and water bodies (e.g., Griffin et al., 2001) , and direct and indirect effects on global radiation budgets and cloud condensation nuclei (e.g., Kaufman et al., 2002; Figure 4) . Wind erosion has a large effect on the loss and redistribution of soil nutrients and plays a key role in exacerbating land degradation and the desertification process (Schlesinger et al., 1990; Lal, 2001; Li et al., 2007; Okin et al., 2009) . This is because the erosive force of wind preferentially removes the finer silt-and clay-sized particles, which contain most of the cation-exchange capacity and water-holding capacity of the soil (Toy et al., 2002) . Over time, many of these fine particles can eventually be lost from the system due to wind erosion (Gillette, 1979) , resulting in local depletion of soil fertility (Zobeck and Fryrear, 1986; Li et al., 2007) . Large quantities of nutrient-rich particles are deposited in terrestrial and marine systems throughout the world with important implications for global biogeochemical cycles (Okin et al., 2004; Mahowald et al., 2009) . Wind erosion can also transport environmental contaminants such as metals and metalloids, pesticides, and biological pathogens, all of which are typically associated with finer atmospheric particles and tropospheric aerosols (Pope et al., 1996; Griffin et al., 2001; Csavina et al., 2011) . Thus, anthropogenic contaminants such as metals and metalloids in particles that have deposited on soils in the vicinity of mining and other industrial operations can be suspended as atmospheric particulates from soils that have become susceptible to wind erosion.
Tropospheric aerosols generated by wind erosion can have both direct and indirect effects on Earth's radiation budget (e.g., Tegen et al., 1996) . Atmospheric mineral dust can absorb and reflect solar radiation and thus has direct effects on global radiation budgets by reducing the amount of radiation reaching the Earth's surface (Andreae, 2001) . Non-absorbing particulates, such as desert dust, typically result in atmospheric cooling unless iron concentration in the dust is enough to absorb visible and near-infrared wavelengths, which could result in atmospheric warming (Sokolik and Toon, 1996; Ramanathan et al., 2001) . Atmospheric particulates also have direct and indirect effects on the nucleation and optical properties of clouds; an increase in local dust and aerosol emissions can result in the suppression of precipitation at landscape and regional scales (e.g., Rosenfeld et al., 2001 ). Atmospheric particulates act as cloud condensation nuclei and can reduce precipitation because they result in a partitioning of atmospheric moisture into a greater number of droplets within the cloud (Twomey effect) and can also result in cooling of the land surface, which causes a decrease in convection and evapotranspiration (Albrecht, 1989; ). Particles can also have an indirect effect on climate through the snow-albedo feedback (Painter et al., 2007; Steltzer et al., 2009) . Atmospheric particle deposition can decrease snow albedo, causing a darker surface that absorbs solar radiation, triggering earlier and faster snowmelt, which can potentially result in less available water supplies, especially in areas where water shortages occurs. The direct and indirect effects of atmospheric particulates on radiation budgets and cloud properties can collectively lead to a weaker hydrological cycle and reduced water availability in many arid regions throughout the world (Hartmann, 1994; Ramanathan et al., 2001; Painter et al., 2007; Hui et al., 2008) .
Mining and Smelting Operations & Environmental Assessment

Background
Modern day mining operations include excavating, crushing, grinding, separation, smelting, refining and tailings management ( Figure 5 ). All processes produce large quantities of dust and aerosol, including the transportation of ore with haul trucks and trains (Reed and Westman, 2005) . Though the vast majority of mining operations produce coarse dusts, high temperature processes produce fume and fine particulates potentially laden with metals and metalloids that are present in the ore.
Dust and aerosol particles emitted from mining operations may mobilize dangerously high levels of metals and metalloids including the neurotoxic elements Pb and As, which can then accumulate in soils, natural waters and vegetation. It has been estimated that 40 % of the total atmospheric emissions of As arise from smelting operations (Alloway and Ayres, 1997) . Accumulated contaminants in local soils and mine tailings can be further dispersed by wind erosion. As will be discussed in Section 4, high atmospheric levels of metal and metalloid-bearing atmospheric particulates can have a substantial impact on the environment and human health (Berico et al., 1997; Soukup et al., 2000; Ghio and Devlin, 2001; WHO, 2003) . The magnitude of this impact is dependent both on contaminant concentration and the size of the particle.
Atmospheric dust and aerosols occur in three main size ranges: the ultrafine (or Aitken), accumulative and coarse modes, as is discussed in detail by Seinfeld and Pandis (2006) (Figure 6 ). All three modes are of relevance to mining-related emissions: Ultra-fine particles are often generated from hot vapors, including smelting and slag dumps (Figure 5b and c) , and are so small that they rapidly diffuse, coagulate and grow into the accumulation mode with characteristic residence times in the atmosphere of minutes to hours. At the other end of the spectrum, coarse particles are generated by mechanical action, including crushing and grinding of ore and wind erosion of mine tailings (Figure 5a and d) , and are large enough to rapidly sediment out of the atmosphere in minutes to hours. Particles emitted from mine tailings due to wind erosion are usually in the coarse range. However, they potentially can have a wide size distribution as well as a range of metal and metalloid concentrations. In particular, efflorescent deposits, generated by evaporating water that flows to the surface of the tailings by capillarity, may contain metal and metalloid concentrations that are much higher than the surrounding tailings topsoil due to presence of crystallized soluble contaminant salts (Meza-Figueroa et al., 2009 , Hayes et al., 2012 . Dry, efflorescent particles are particularly susceptible to wind erosion. In the middle of the size spectrum, accumulation mode particles are too large to diffuse/coagulate at a significant rate and yet are too small to sediment by gravity so they accumulate in the atmosphere. Accumulation mode particles are highly dependent on the water cycle for the rainout/washout of the particles and therefore can have a global impact, with an average residence time of 10 days in the atmosphere (Hinds, 1999) . Arid and semiarid climates can have dust storms that can transport even coarse particles tens or even hundreds of miles as discussed above. Drier climates also tend to prolong the transport of particles.
Particle size also affects dust and aerosol deposition efficiency in the human respiratory system upon inhalation. Coarse particles, such as those resulting from ore crushing and grinding, deposit in the upper respiratory system and are swallowed and go through the digestive system where contaminants may be absorbed, depending on their bioavailability. In contrast, fine particles, such as those originating from smelting operations, are respired deep into the lungs where they can be transported directly to the blood stream (Krombach et al., 1997; Park and Wexler, 2008; Valiulis et al., 2008) . In addition, dermal deposition and incidental ingestion are exposure mechanisms that are related to particle size. Therefore, determining the chemical composition in dust from mining operations as a function of particle size is crucial in quantifying the potential deleterious effects on human health and the environment.
Dust and Aerosol Monitoring
Various types of aerosol and dust samplers have been used in studies to characterize atmospheric particulates originating in mining operations. Example studies presented in this section and Sections 3.3 and 3.4 are not necessarily related to mining operations due to the relative lack of research in this area, but provide an example application that can be used for such investigations.
Bulk particle collection (without size fractionation) allows for the quantification of the total atmospheric particulates and contaminants in the ambient air. Some studies simply collect fallout or settleable particulate matter (>10-20 m) by open collection containers (e.g., Munksgaard and Parry, 1998; Deb et al., 2002) . Other studies investigate atmospheric particulates by the deposition onto top soil, which requires a consistent method of soil collection (e.g., Taylor et al., 2010) . Additionally, for the understanding of saltation from soils or wind erosion, passive samplers are often used, including a Modified Wilson and Cook (MWAC) and Big Spring Number Eight catcher (BSNE) (Fryrear, 1985; . High volume samplers such as total suspended particle (TSP) samplers have been used to collect particles with size up to 250 μm Shaheen et al., 2005; Garcia et al., 2008) . These measurements can be used to understand the magnitude of the contaminant environmental hazards and for comparative measurements with other analyses.
Concentrations of particulate matter (PM) with aerodynamic diameters less than 10 μm (PM 10 ) and 2.5 μm (PM 2.5 ) are measured using dichotomous samplers with size-selective inlets. These concentrations are widely used for regulatory work due to the health concerns associated with these particles (Lv et al., 2006; Moreno et al., 2007; Kon et al., 2007; Tursic et al., 2008) . Recent epidemiological studies indicate that smaller size fractions may be most intimately involved in causing hazards to human health; therefore, studies with PM 2.5 measurements may be relevant (Shaheen et al., 2005; Moreno et al., 2006; Querol et al., 2007) . Particle counters and mobility particle sizers are also used to collect atmospheric particulate samples (Neuman et al., 2009) . The particle number concentration as a function of diameter can be measured using a scanning mobility particle sizer (SMPS) system (Wang and Flagan, 1990; Csavina et al., 2011) . Optical particle counters measure mass concentration of aerosols and can be set to respond to different particle diameters with a selective inlet (< PM 1 , < PM 2.5 , and < PM 10 ) (e.g., Chan et al., 2005) . Locating these at various horizontal and vertical positions can provide measurements of horizontal and vertical dust and aerosol flux transport (e.g., Gillies et al., 2005) .
For size-fractionated dust and aerosol collection, multi-stage cascade impactors have been used Tursic et al., 2008) . Size-fractioned samples can be individually analyzed both physically (e.g., microscopically, gravimetrically) and chemically. The mass distributions of individual chemical species can be determined by analyzing the chemical composition of particles collected in each size range, as described in the next section. Spear et al. (1998) utilized an Andersen cascade impactor to study Pb concentrations around a Pb smelter. Corriveau et al. (2011) used a Proton Induced X-ray Emission Spectroscopy Cascade Impactor (PCI) sampler to assess As contamination from a mine-tailing site. Microorifice uniform deposit impactors (MOUDI) have been used in several studies Allen et al., 2001; Tursic et al., 2008; Csavina et al., 2011) . In one model (MSP model #110), the nozzle plates rotate relative to the impaction plates to achieve near uniform particle deposition on the collecting substrates over the impaction area. Marple et al. (1991) described in detail the calibration and use of MOUDI samplers. The sharp cut-points (particle diameters where 50 % collection efficiency is achieved) for the size fractions are: 0.056, 0.10, 0.16, 0.32, 0.56, 1.0, 1.8, 3.2, 5.6, 10 and 18 μm, respectively. An after-filter is placed after the 10 th (smallest particle diameter) stage to collect all particles smaller than 0.056 μm in aerodynamic diameter, whereas a size-selective inlet collects particles larger than 18 μm by impaction. At the typical operating flow rate (30 L/min), the internal wall loss is very low.
Previous field investigations have shown that metals and metalloids, including As, Pb and Cr, have been detected worldwide in clouds, fog and snow (e.g., Tatsumoto and Patterson, 1963; Schemenauer and Cereceda, 1992; Barbaris and Betterton, 1996; Cherif et al., 1998; Rattigan et al., 2002; Mancinelli et al., 2005; Hutchings et al., 2009 ), with mining activities as possible sources. The effect of mining and smelting emissions in the 19 th and 20 th centuries from the Australian sites of Broken Hill and Port Pirie on Pb emissions on remote southern hemisphere pristine environments has been detailed in several studies on Antarctic ice cores (e.g., Vallelonga et al., 2003; Burn-Nunes et al., 2011.) Other sampling techniques exist beyond those reviewed here; however, these are widely used methods in other areas and have best application for the field. Most advantageous is having multiple samplers to provide a comparison measurement to ensure no bias in sampling methods. Additionally, a holistic approach with multiple forms of analyses discussed in the next section provides for the best understanding of ambient aerosol source and transport vectors.
Contaminant Analysis
Digestion is typically used to extract contaminants of concern from collected dust and aerosols into the aqueous phase. The contaminant and analytical method chosen will determine the type of digestion to use. For example, for ion chromatography work, deionized water is typically used to preserve the composition of aerosols. Acid digestion, with HF and HNO 3 , HNO 3 and HClO 4 , or HNO 3 and HCl, is used to extract metal and metalloid species from dust and aerosol samples (Harper et al., 1983; Shaheen et al., 2005; Moreno et al., 2007; Garcia et al., 2008) . Extraction is sometimes enhanced by heating and/ or agitation. The aqueous extracts can then be subjected to a suite of chemical analysis, including inductively coupled plasma -mass spectrometry (ICP-MS) Allen et al., 2001; Herner et al., 2006) , inductively coupled plasma -atomic emission spectrometry (ICP-AES) (Lv et al., 2006; Li et al., 2007) , and atomic absorption spectrophotometry (AA) Shaheen et al., 2005; Garcia et al., 2008) . Depending on the sampler and analysis to be done, various sampler substrates can be used, such as cellulose membrane filters Pekney et al., 2006) , quartz fiber filters (Lv et al., 2006; Querol et al., 2007) , glass fiber filters (Shaheen et al., 2005) , aluminum foil substrates and polycarbonate filters (Moreno et al., 2006; Csavina et al., 2011) .
For water soluble ions, ion chromatography (IC) and capillary electrophoresis (CE) have been used to measure chloride, sulfate and nitrate Lv et al., 2006; Tursic et al., 2008) . For soluble cation measurements, colorimetry-flow injection analysis (FIA) and ICP-AES have been used Lv et al., 2006) . Gravimetric analysis often requires an ultra-microbalance with a filter attachment for mass quantities that are small (< 100 μg). This is often the case for size-fractionated samples. For larger quantities of mass such as those found with TSP and PM 10 samplers, a balance with the sensitivity of 1 mg is often sufficient.
X-ray diffraction has been used to examine the mineralogy of non-soluble materials in dust Querol et al., 2000; Moreno et al., 2007) . Moreno et al. (2007) identified silica, kaolinite, alunite, jarosite, illite and iron oxides in PM 10 particles in the vicinity of an ore processing plant near a gold mine in Southeastern Spain. In comparison, after a spill of mining heavy metals in Southwestern Spain, Querol et al. (2000) identified pyrite as the main component, along with clay, quartz, calcite, gypsum, and plagioclase. X-ray absorption spectroscopy has also been used to characterize As-laden mine tailings (Paktunc et al., 2003; Slowey et al., 2007) .
Morphological and chemical characterization of particles by scanning electron microcopy (SEM) and field emission SEM (FESEM), have been used to examine the microscopic structures of aerosol particles . Using polycarbonate filters, Querol et al., (2007) identified silica, Al-Si clay, sulfates (with K and Al), as well as K, Fe and Ti. Three metalloids, As, Sb, and Te, were also identified, possibly derived from mine tailings.
Isotope concentrations can provide an understanding of the geological nature of elements in ores (Day et al., 2010) . They are often used for source apportionment when isotope concentrations in dust and aerosols are compared to the mined ore body. Pb is often associated with mined ores, and therefore Pb isotope ratios are commonly used for source apportionment (e.g., Munksgaard and Parry, 1998; Hsu et al., 2006; Taylor et al., 2010) . Pb isotopes can be analyzed by thermal ionization mass spectrometry or ICP-MS (Cheng and Hu, 2010 In addition to isotope analysis, source apportionment can also be done utilizing chemical concentrations. Some examples of this include measurements of enhanced contaminant concentration according to wind patterns consistent with the source plume (FernandezCamacho et al., 2010) , ratios of metal concentrations of the source compared to background Bi et al., 2006) , or enrichment factors (Meza-Figueroa et al., 2009) . Modeling discussed in the next section can also be used for source apportionment by trajectory of dust emissions.
Modeling
Dust and aerosol suspension and dispersion can be best investigated by an integration of field measurements, physical approaches and computer modeling. The pioneer work developed by Bagnold (1941) and investigations by Chepil and others (Chepil, 1962; Woodruff and Siddoway, 1965) served as starting point to numerous models (Goudie and Middleton, 2006) . Existing models use mathematical equations that are continuously adapted to physical and/or empirical approaches to describe the factors and processes that are involved in wind erosion. A comprehensive numerical model of steady-state saltation (COMSALT) was one of the first physically-based models that could reproduce a wide range of experimental observations using a minimum of empirical equations (Kok and Renno, 2009) . The model takes into account gravity, drag, particle spin, fluid shear, turbulence and a parameterization of the splashing of surface particles by impacting saltating particles; the latter is considered a stochastic process. The key issue is to identify the concepts behind the parameterization of soil (i.e. understand the transport mechanisms that contribute to dust emissions), vegetation, and land management effects on the susceptibility of landscapes to wind erosion (Webb and McGowan, 2009) . A disadvantage of empirical models is that most rely upon field-measured inputs, which are not available at broad spatial scales (Woodruff and Siddoway, 1965; Fryrear et al., 1998; Webb and McGowan, 2009 ). On the other hand, physically based models typically do not account for temporal variations in soil erodibility (Webb and McGowan, 2009 ). Currently, there are a limited number of integrated dust models that can provide forecasts in both time and space, such as the Dust Regional Atmospheric Model (DREAM).
The DREAM model is a deterministic numerical model that simulates the emission, transport and deposition of dust and aerosol with predicted atmospheric conditions, and is coupled with the Weather Research and Forecasting (WRF) model (Nickovic et al., 2001) . WRF is a state-of-the art weather forecasting model that can be run at horizontal resolutions of 1-10 km (Skamarock et al., 2005) . The DREAM model is validated with in-situ PM 2.5 and PM 10 data usually from USEPA monitoring stations, satellite images of the particle plumes, and ground-based optical sensing of vertical profiles and visibility or other light extinction monitoring instruments. In addition to this, the DREAM model performance has been tested for various dust storm events in various places using gridded analysis or forecasting fields from various sources for initial and boundary conditions (Nickovic et al., 2001) .
A current strategy to model wind and particle flows from areas susceptible to wind erosion involves the use of computational fluid dynamic models (CFD), which can be run at relatively high resolutions (< 1 m) (Holmes, 2006; Diego et al., 2009) . Unlike most currently used regulatory air quality models, CFD simulations are able to treat topographical details such as terrain variations and building structures in urban areas, as well as local aerodynamics and turbulence. Although CFD can provide high resolutions, it can become computationally expensive. Feng and Ning (2010) used CFD and the Owen (1964) model to determine saltation fluxes. FLUENT CFD was used to reproduce wind patterns over a complex with microtopography (60 m × 60 m) in the Chihuahuan desert that were previously obtained by the Quick Urban & Industrial Complex (QUIC) field model developed by Bowker et al. (2006) . Wind profiles using FLUENT CFD agreed well with measured wind speeds. The authors also simulated sand fluxes at several positions of a dune brick in Minquin, China under two different wind directions. The Owen (1964) model was linked to FLUENT's CFD codes to simulate sand fluxes. More recently, FLUENT CFD software has become an approved air pollution tool by The EPA National Exposure Research Laboratory. In a different study, Torno et al. (2011) calculated dust emissions using CFD and realistic topography obtained from Light Detection and Ranging (LIDAR) techniques, which provides high resolution topographic data, and wind events from a fixed direction correlated well with wind speed measurements. Harion (2005, 2007) used CFD to model fugitive dust emissions from stockpiles. Their calculations showed that effects of terrain geometry on wind flow patterns play an important role in erosion and particle transport assessment.
To date, there have been few attempts to model atmospheric particulate emission from mine tailings piles. Kon et al. (2007) developed a wind erosion model designed to predict dust emission rates of flat dry tailings prone to wind erosion, taking into account fluctuations in wind velocity. The performance of the wind erosion model was assessed using wind tunnel and field data reported in the literature. It was found that analytical saltation models derived for agricultural lands or desert dunes can be applied to industrial minerals that are crushed and have a density different from that of quartz. Field experiments undertaken by Kon et al. (2007) on the tailings dumps of Mantos Blancos copper mine, which is located in Atacama Desert in Chile, demonstrated that the model predicts satisfactorily the occurrence and the magnitude of wind erosion events on mine tailings.
Case Studies
In many cases, towns are built around mines in remote areas and so the source of contaminated atmospheric particulates is easy to discern. However, in those cases where mining occurs along with other industries, source apportionment can become more difficult. For example, Barcan (2002) performed a study in the Severonickel Smelter Complex in Monchegorsk, Russia, in which samples were obtained directly from the smelter stack. An important finding from their study was that the fine particle (< 2.5 μm) fractions were enriched in Pb, Zn, and As oxides. Santacatalina et al. (2010) surveyed Southeast Spain for fugitives emissions of particulate matter and used PM 10 data in a Positive Matrix Factorization (PMF) receptor model to identify the main sources of mineral, road traffic, secondary, sulfate, petroleum coke, sea spray and industry, with x-ray diffraction (XRD) and scanning electron microscopy-energy dispersive x-ray spectroscopy (SEM-EDX) techniques. Similarly, Allen et al. (2001) performed principal component analysis (PCA) on metal concentrations from MOUDI size-fractionated samples collected in the United Kingdom. Their study identified main components of sources to be road traffic, utility and industrial combustion, resuspension and industrial activities. Munksgaard and Parry (1998) were able to show differences in pre-and post-mining Pb isotope ratios and ore-derived Pb versus local soil-derived Pb in a mining town. Bi et al. (2006) examined Pb isotope ratios to distinguish the difference between flue gas particles and waste from a zinc smelter in western Guizhou, China. Depending on the types of sources that can be impacting the samples collection and the accessibility to equipment may make one analysis better than others. Meza-Fiegueroa et al. (2009) analyzed soils in Sonora, Mexico around the Pilares mine Nacozari tailings site for metal and metalloid content, which showed that contaminant dispersion took place primarily by surface run off, but enrichment factors for Hg, Cu, As, Zn and Pb in residential soils arose from wind erosion. Benin et al. (1999) reported that the impacts of smelting and refining were particularly acute adjacent to the Torreón site in Mexico where a large active nonferrous smelter is located. As shown in Figure 7 , concentrations of As, Pb, and Cd in roadside dust decreased with distance from the stack. Differences in the decay shape of curve might be a consequence of differences in the particle size distribution for the three species. In addition, metal and metalloid concentrations were significantly higher to the south and west of the site, but lower to the east. This was attributed to either the effect of prevailing wind or other factors such as transportation, unloading and distribution of ore within the complex.
Earlier studies have shown that distance from the source and meteorological factors play important roles in exposure to potentially toxic metals and metalloids. For example, a study by Landrigan et al. (1975) showed that Pb, Cd, Zn and As in airborne particulates near a large ore smelter in El Paso fell rapidly with distance and reached background values 4 -5 km from the smelter.
A recent study of soil and outdoor and indoor dust around the Torreón smelter by SotoJiménez and Flegal (2011) showed that contaminant concentrations were greatest near the smelter, with the highest levels corresponding to the prevailing wind direction. Soil and dust Pb concentrations were orders of magnitude above background concentrations of 7.3-33.3 μg g −1 . Atmospheric Pb deposition rates in the city was also significantly elevated (130 to 1350 μg m −2 d −1 ), with values greatest at distances less than 1 km from the smelter. Emission sources were not only evident in environmental samples but in Pb isotope measures of neighboring children blood, which were indistinguishable from the smelted Pbores and the environmental samples.
The effect of prevailing winds in redistributing contaminants in the vicinity of mining and smelting operations is not a new observation, with other studies demonstrating that distance from the source and meteorological factors play significant roles in the soil accumulation of metals and metalloids (e.g., Cartwright et al., 1977; van Alphen, 1999; Sterckeman et al., 2000; Stafilov et al., 2010; Fernandez-Camacho et al., 2010; Taylor et al., 2010; Sánchez de la Campa et al., 2011; Ojelede et al., 2012) . Moreover, dispersion plumes have been shown to correlate with smelter stack height and smelter capacity (e.g., Knight and Henderson, 2006) .
Utilizing an atmospheric dispersion model and spatial modeling of urban surface soil concentrations, Taylor et al. (2010) found that elevated soil metals were a consequence of mining emissions from the Xstrata Mount Isa Mines lease in Queensland, Australia, where elevated concentrations of Cd, Cu, Pb, and Zn were observed. At a goldmine in Ghana, Amasa (1975) analyzed soils samples for As to account for As concentrations in human hair samples, which were as high as 1,940 and 268 ppm for mine workers and citizens, respectively. Soil samples were found to be 147, 67.2, and 96.5 ppm at 300 yards, 1.5 mi, and 9 mi away from the smelting stack, respectively. In Humberside, UK, Rawlins et al. (2006) measured Pb and Sn in an area of land around a former smelter and showed that significant amounts of metals were deposited up to 24 km from the smelter by the prevailing wind with an estimated 2500 and 830 ton of excess Pb and Sn, respectively, deposited in the area. Soil sampling allows for a quick method to discovering the contaminants present due to mining operations.
TSP results from Beavington et al. (2004) in Port Kembla, New South Wales, Australia, showed more than 74 % reduction in atmospheric metal concentration around a smelter from 1978 to 2001-2002 due to improved environmental emissions control. However, even with improvements, the air quality still showed intermediate to high enrichment in metals and metalloids (Cd, Se, Cu, Pb, An, Br, As and Ni).
Fall-out was assessed by Deb et al. (2002) in atmospheric particulates from an urban area in central India. They found the total annual flux of As to be as high as 1.12 kg km −2 yr −1 with the largest emission of atmospheric As from pyrometallurgical processes employed in the production of non-ferrous metals such as Pb, Cu and Zn. Munksgard and Parry (1998) were able to show that Pb fall-out from settling atmospheric particulates increased significantly at a rate consistent with proximity to the McArthur River Mine, Northern Territory, Australia. A specific collector was designed by Brotons et al. (2010) to measure mining waste in southeast Spain transported by wind into dust traps placed at three heights and from eight wind directions. The results showed that nearby towns, farming areas and beaches would be affected by high levels of wind-eroded dust carrying high concentrations of metals, especially Zn and Pb. Still, without size-fractionated measurements, it is difficult to make any inferences to how these particles will transport in the human respiratory system and environment.
Fernandez-Camacho et al. (2010) used PM 10 and PM 2.5 to assess emissions from a copper smelter in the city of Huelva, Southwest Spain. Though the smelter accounted for only 8 % of the bulk mass of PM 10 , the majority of the mass was attributed to the metals and metalloids of environmental interest (As, Se, Bi, Cu, Zn). Additionally, they found that 85 % of the total PM 10 As was in the PM 2.5 size fraction. In southwestern Spain, Querol et al. (2000) studied suspended particles derived from heavy metal mining wastes. For Cr, Cu, Mn, Ni and Zn, the mass in the PM 2.5 fraction comprised 17 to 36 % of that in the TSP, whereas this fraction increased to 59 to 70 % for the mass in the PM 10 fraction. In comparison, for As, Cd, Co, Pb, Sb, Se and Tl, the mass fraction in the TSP was 20-48 % for PM 2.5 and 80-93 % for PM 10 . These generally higher percentages suggest that the second group of contaminants exist preferentially in the finer fractions of particles due to their physicochemical properties. Further, the two studies differed in that FernandezCamacho et al.'s was near a smelter while Querol et al.'s was only around mine waste. The high temperatures of the smelting process produce fine metal and metalloids particulates that result in relatively high concentrations of metal and metalloids in the fine size fraction.
Few size-resolved studies have been published for mine-related dust and aerosol. Both Csavina et al. (2011) and Spear et al. (1998) showed that the majority of atmospheric metals and metalloids around smelting operations are in the fine to ultrafine size fraction. Spear et al. (1998) used sequential chemical extractions to show that the solubility of combined bulk smelter particulate Pb compounds was < 7 %. However, analysis of coarse airborne dust from the blast and furnace processes showed that 65 % of the total Pb was exchangeable. Figure 8 illustrates the size distribution for As, Cd, and Pb concentrations in atmospheric particulate around a Cu smelter in Arizona, US, studied by Csavina et al. (2011) . These results show that approximately 75 % of metals and metalloids exist in the PM range below 1 m. Spear et al. (1998) used an Andersen impactor to investigate the chemical speciation of Pb-laden dust associated with a Pb smelter in Montana, US. This study similarly found the largest percentage of Pb in the fine size fraction, which also had higher percentages of bioavailable Pb. Corriveau et al. (2011) used a PCI sampler to analyze atmospheric particulate near an As-rich abandoned mine tailings site in Nova Scotia, Canada. They found that As speciation in atmospheric particulates corresponded to soil collected from the tailings. Even though As concentrations were the highest in coarse size fractions (> 8 μm), they found significant As presence in finer particulates (< 2 μm).
Transport of metals and metalloids from mining operations also can occur over large spatial scales. Andrade et al. (2006) studied Cu concentrations in a marine environment off the coast of Northern Chile in Chañaral Bay contaminated by mining activities, particularly by windblown mine tailings which remain untreated. Seawater samples showed dissolved Cu concentrations up to 500 nM.
Health and Environmental Impacts
Contaminated dust and aerosol from mining operations can contribute to transport and accumulation of contaminants in soil, water and biota. Interactions between transported particles and repository media may affect speciation, mineralogy and bioavailability of contaminants. For example, Beaulieu and Savage (2005) determined that arsenic oxide particles released from a smelter were further oxidized, dissolved and the As then adsorbed onto soil minerals and colloids upon deposition.
Ingestion of contaminated soils from mining operations emissions or inhalation of emitted particulates may result in contaminant doses that could have deleterious consequences. Some metals and metalloids are known carcinogens (e.g. As, Cd, Cr) and can reduce mental and nervous system function, cause lower energy levels, damage vital organs (ATSDR, 2011), and cause DNA damage (Yáñez et al., 2003) . Long-term exposure to these contaminants may mimic degenerative diseases such as Alzheimer's disease, Parkinson's disease, muscular dystrophy, and multiple sclerosis (IOSHIC, 1999) . The neurotoxic effects of Pb have been well established in the scientific literature: high levels are known to cause a range of effects ranging from comas, seizures and death (Woolf et al., 2007) . Due to their increased uptake of contaminants when compared to adults, children are particularly at risk of neurotoxic effects such as learning or behavioral problems including speech, intelligence, attention, behavior, and mental processing problems (Woolf et al., 2007) .
Given that most As and Pb exposures are potentially avoidable and owing to their serious childhood environmental health risk factors, special attention is often given to the problem of these elements in human environments. Lubin et al. (2008) found a direct correlation between lung cancer and inhaled As in copper-smelter workers. Multiple studies of Pb exposure and, to a lesser extent, As, have shown these two contaminants are debilitating neurotoxins that cause adverse effects on children's cognitive function and behavior (Calderón et al., 2001; Wright et al., 2006; Rosado et al., 2007; Wasserman et al., 2007; Munksgaard et al., 2010) . In particular, childhood Pb poisoning at blood Pb levels (PbB) > 0.1 g/cm 3 is a common occurrence in smelting and mining towns (Wichmann et al., 1997; Tong et al., 2000; Needleman, 2004; Munksgaard et al., 2010; Taylor et al., 2010; SotoJimenez and Flegal, 2011) , whose communities face a disproportionate exposure risk, with marked losses in intelligence quotient (Baghurst et al., 1992) and also consequentially later childhood emotional and behavior problems (Burns et al., 1999) . Laidlaw and Filippelli (2008) presented evidence that atmospheric resuspension of Pb-enriched soil in urban environments represents a persistent source of Pb poisoning in children.
The pervasive effect of environmental Pb emissions from all industrial sources on human exposure was demonstrated by Flegal and Smith (1992) who showed that the natural PbB level in the prehistoric human was as low as 0.16 ng/cm 3 . This value is some 625 times lower than the current National Health and Medical Research Council (NHMRC, 2009 ), Centers for Disease Control (CDC, 1991 ) and World Health Organization (WHO, 1995 blood Pb level of concern (0.10 μg/cm 3 ) in humans. Recent research has indicated that levels well below the currently accepted PbB intervention may result in significant impairment in terms of neurocognitive functioning (Lanphear et al., 2000; Dietrich et al., 2004; Lanphear et al., 2005a; Woolf et al., 2007; Jusko et al., 2008) . Specifically, exposure to low levels of Pb has been linked with decreased Intelligence Quotient (IQ) and academic achievement, as well as a range of socio-behavioural problems such as attention deficit hyperactivity disorder (ADHD), learning difficulties, oppositional/conduct disorders, and delinquency (Lanphear et al., 2000; Tong et al., 2000; Braun et al., 2006; Gilbert and Weiss, 2006; Bellinger, 2008; Wright et al., 2008) . These are serious mental health issues that are associated with significant life interference and distress. Furthermore, there is evidence to suggest that childhood disorders do not tend to remit with age but continue into adulthood (Rutter, 1989; Keller et al., 1992; Schwartz, 1994; Wright et al., 2008) .
There is significant evidence that there is no safe threshold for the adverse consequences of Pb exposure (Schwartz, 1994) , supporting NHMRC's (2009) recent statement that there are no benefits of human exposure to Pb and that all demonstrated effects of such exposure are adverse. Indeed, Lanphear et al.'s (2005a) log-linear modeling of pooled data from multiple studies revealed that not only did there appear to be no lower effects threshold but that the slope of effect of Pb exposure is greater in the range below 0.10 μg/cm 3 . These patterns of exposure are not unique to environmental Pb. Numerous other environmental contaminants have shown toxicity at very low levels (e.g. As, dioxins, methyl mercury, polychlorinated biphenyls,). Further, many environmental contaminants have a dose-response curve that shows greater impacts per increment of exposure at lower levels than at higher levels (Stayner et al., 2003; Lanphear et al., 2005b) . Consequently, there is increasing pressure to lower or totally eradicate the use of known environmental toxicants because no safe level of exposure can be established and in many cases exposures are preventable (Lanphear et al., 2005b) . The effect of Pb exposure and its inherent risk was summarized by the US EPA after their 2008 decision to lower the Pb-in-air guideline for 1. Dust and soil ingestion through hand-to-mouth activity is an exposure pathway for humans, especially in the case of children who can exhibit pica behavior (Filippelli and Laidlaw, 2010) . Calabrese et al. (1997) showed that the levels of metals and metalloids were elevated in blood and/or urinary samples of children living in contaminated areas, when only an estimated 200 mg soil/day were ingested. Pica can result in 5-50 g soil per episode ingested, with one episode being sufficient to leave children at or above the acute human lethal dose (Calabrese et al., 1997) . Of particular importance is the fact that enhanced presence of As and Pb in smaller particle size fractions (< 63 m), which preferentially adhere to skin over large particles, might lead to contaminant uptakes that surpass expected levels from overall soil concentration (Bergstrom et al., 2011) . Carrizales et al. (2006) reported elevated concentrations of Pb and As in the blood of children living near a copper smelter in San Luis Potosí, Mexico. These concentrations correlated with the relatively high contaminant content in the soil.
The physical and chemical properties and size distribution of the inhaled aerosols are necessary to assess more completely risks associated with contaminant exposure (Spear et al., 1998) . Absorption of the contaminant from the respiratory and/or gastrointestinal tract is influenced by particle size, the site of deposition, and bioavailability, which is often related to solubility. In particular, the size of particles can be used as a predictor for the efficiency and region of deposition in the respiratory tract. Using a multi-breath inhalation simulation, Figure 9 shows the predicted deposited particle fraction as a function of particle size (Park and Wexler, 2008) . Here, the respiratory system is divided into an extrathoracic (the nasal and oral passages, pharynx, and larynx), a conducting (bronchial generations 0-16), and a pulmonary region (generations 17-23). For the ultrafine fraction particles (< 0.1 m), diffusive mobility increases and so does the fraction deposited. Accumulation mode particles (0.1-1 m) have the lowest deposited fraction in all the regions due to a combination of relatively low diffusivity and high inertia. They are transported to the lungs since they are too large to undergo significant diffusion and too small to be substantially affected by sedimentation (Hinds, 1999; Schulz et al., 1996) but are relatively easily exhaled too. Coarse particles are already removed in the upper respiratory airways due to inertial deposition in the extrathoratic region (Park and Wexler, 2008) .
Particle size also affects the bioavailability of the contaminant. From a study on the bioavailability of Pb according to size fraction from ambient aerosols around a Pb smelter, Spear et al. (1998) found that not only was the highest percentage of Pb concentration in the fine size fraction, but also it contained the largest percentage of bio-available Pb. Therefore, finer size fraction particles that deposit in the lungs and are transported to the blood stream via macrophages have a higher bioavailability (Krombach et al., 1997) and have been shown to contain the largest concentrations of metals and metalloids from smelter emissions Csavina et al., 2011) . Similar to the relationship between airborne contaminant level and distance, numerous studies have found an inverse relationship between contaminant (e,g., Pb, As) levels in blood/urine and the distance of home or school environment (for biological sampling) from metal smelters and other mining operations. Based on prior studies, Benin et al. (1999) predicted that the blood Pb levels in children at all three sites studied were likely to be well above the 10 g/dL threshold of concern for children set by the Center for Disease Control and Prevention. As a result, they suggested that metal contamination in these areas is sufficient to pose a health hazard to the human population. Hwang et al. (1997) measured As in children's urine samples, soil samples and indoor floor dust near a former copper smelter in Montana. Arsenic concentration in soil, as well as in urine, was found to be significantly related to the proximity to the smelter site and wind direction, as seen in Figure 10 . Goix et al. (2011) reported a correlation between schoolchildren's hair metal and metalloid content (Ag, As, Cu, Pb and Sb) and smelting activities in a region in the Bolivian Altiplano.
Many studies have found negative effects from metals and metalloids on plant matter (e.g., Chardonnens et al., 1999; Ernst and Nelissen, 2000; Alonso et al., 2002; Kim et al., 2003; Yousefi et al., 2011) . The delayed and reduced reproduction of plants may have substantial impacts at the population, community and ecosystem level (Ryser and Sauder, 2006) . Vegetation has also been shown to accumulate metals and metalloids (Müller and Anke, 1994; Hooda et al., 1997; Cobb et al., 2000; Mattina et al., 2003; Hough et al., 2004; Zhou et al., 2005) . Studies have shown an important remobilization of legacy metals pollution from forest fires that combust the soils and vegetation that contain industrial-sourced contaminants (Biswas et al., 2007; Obrist et al., 2008; Odigie and Flegal, 2011) . While living organisms generally need trace amounts of a variety of elements for good health, large amounts of those same elements may cause chronic or acute toxicity (e.g., Trepka et al., 1997; Benin et al., 1999; Küpper et al., 2002) . Athar and Ahmad (2002) found that metals in soils brought about significant reduction in plant growth and grain yield of wheat, with Cd being the most toxic metal followed by Cu, Ni, Zn, Pb and Cr. Similarly, Ryser and Sauder (2006) found that lower leaf production and plant mass were correlated with high contaminant levels. Bi et al. (2009) Metals and metalloids taken up by plants may enter the food chain in significant amounts (Wolnik et al., 1983; Nasreddine and Parent-Massin, 2002; Intawongse and Dean, 2006) . In examining the impacts of the Australian Port Pirie mine on the neighboring environment, Merry (1981) showed that wheat plants and grain concentrations of Cd, Pb and Zn exceeded background values mostly within 30 km of the smelter, depending on wind direction. The greatest impact occurred toward the south east, in the direction of the prevailing winds. Indeed, the levels of Pb and Cd contamination were so high that the wheat required blending with uncontaminated wheat before it was suitable for export quality standards. In a study on cattle from a low level environmental contamination of metals and metalloids, Alonso et al. (2002) found correlations of Cd, Pb, and As and trace elements in the tissue and blood of the cattle most likely as the result of contaminated soil and plant ingestion. Table 1 summarizes case studies discussed in this review. Dust and aerosol emissions from mining operations have received much recent attention in a wide variety of locations. Table  1 also highlights the focus that has been given to four particular locations of US, Australia, Spain, and UK, despite the global scale of the issue. Studies for bulk collection show the scale of the problem of contamination from mining operations but do not fully unravel the environmental health hazards associated with the contamination. For this, size-resolved chemical analysis of the emissions from mining operations is needed, yet from Table 1 it is evident that only a handful of studies have looked into size-fractioned aerosols. Additionally, very few studies take a holistic approach at understanding dust from the mining operations, including source apportionment. This knowledge, when fully understood and correctly parameterized, can be incorporated into existing models (e.g., Yin et al., 2005; Yin et al., 2007) to forecast dust generation, contaminant transport by windblown dust and accurately assess human health risk associated with contaminants on airborne particulate. Figure 12 shows impact of contaminants from mining operations in atmospheric particulate, taking into account relative metal and metalloid concentrations, deposition efficiency and location of deposition in the human respiratory system, as well as the distance traveled in the environment. The fine particle fraction (< 1 μm) can travel further and may have higher contaminant concentrations around smelting operations. As discussed in section 4, the deposition efficiency is lower in the 0.1-1 μm size range. However, the inhaled fine particles deposit in the lungs as opposed to the mouth and nose, which are then transported to the blood stream and therefore have a high dose associated with them. The coarse particles have higher deposition efficiency in the upper respiratory system, which might imply uptake in the gastric system, and therefore could be associated with lower doses. Further, fine particulates have a higher relative surface area which results in higher dissolution rates and thus greater bioavailability. Despite the human health hazards associated with fine particulate, regulations are focused on coarse particles.
Research Priorities and Insights
Future research should prioritize understanding the fine particle size fraction in atmospheric particulates, as well as take a holistic approach to understanding contaminant sources across the particle size spectrum. Smelter emissions, slag piles, ore transport, mine tailings and other ore-handling operations should be considered as potential sources of contaminated dust and aerosol near mining and refining sites. In particular, generation of contaminated fine size particles from gaseous emissions and wind erosion of contaminated soils, including efflorescence regions in mine tailings, should be viewed as a priority in establishing potential effects to huam and ecosystem health. Although most studies do tend to focus on a specific aspect of the problem, such as soil contamination, few focus on the small particle size range. Research should utilize methods that are suitable for assessing the fine particle size fraction, such as impactors with metal and metalloid analysis similar to the work developed by Allen et al. (2001) , Spear et al. (1998) and Csavina et al. (2011) . Studies should also better integrate field studies with modeling to predict environmental health risks associated with mining operations. Schematic derived from satellite remote sensing images of 6-day transport of atmospheric dust from the Gobi Desert to the U.S. Pacific Coast during a massive dust storm in April 1998 (reprinted from Wilkening et al., 2000) . Illustration of environmental contaminant transport media, their transport times and spatial extent and their relative number of scientific peer-reviewed papers (low < 1,000 studies; high > 10,000 studies). Natural and anthropogenic sources of dust associated with relative amounts of emissions, contaminant concentration, and risk to human health and the environment. Idealized description of processes that affect atmospheric aerosol formation in three size ranges or modes -ultrafine (or Aitken), accumulation, and coarse (reprinted from Seinfeld and Pandis, 2006) . Total multi-breath deposited particle fraction (solid lines) and regional deposition fraction in the extrathoratic, conducting, and pulmonary airways (dotted lines) (adapted from Park and Wexler, 2008) . Arsenic levels in soil of bare areas in yards, in interior floor dust and speciated urinary arsenic by proximity index of residence to smelter site (GM±GSE) (reprinted from Hwang et al., 1997) . A schematic representation of the deleterious impact of contaminants from emissions of mining operations on humans due to metal dose, taking into account relative metal concentrations around mining operations, deposition efficiency and location of deposition in the human respiratory system, and the distance traveled in the environment for the scope of human impact with US air quality regulations. Table 1 Case studies according to sample collection methods, location and year published. van Alphen 1999 (Australia)
